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Summary
1. An increasing number of studies are examining the distribution and congruence of ecosystem
services, often with the goal of identifying areas that will provide multiple ecosystem service
‘hotspots’. However, there is a paucity of data on most ecosystem services, so proxies (e.g. estimates
of a service for a particular land cover type) are frequently used to map their distribution. To date,
there has been little attempt to quantify the eﬀects of using proxies on distribution maps of ecosystem services, despite the potentially large errors associated with such data sets.
2. Here, we provide the ﬁrst study examining the eﬀects of using proxies on ecosystem service maps
and the degree of spatial congruence of these maps with primary data, using England as a case
study.
3. We show that land cover based proxies provide a poor ﬁt to primary data surfaces for biodiversity, recreation and carbon storage, and that correlations between ecosystem services change
depending on whether primary or proxy data are used for the analyses.
4. The poor ﬁt of proxies to primary data was also evident when we selected hotspots of single
ecosystem services, and consistency between raw and modelled surfaces was extremely low when
considering the locations that were coincident hotspots for multiple services.
5. Synthesis and applications. Proxies may be suitable for identifying broad-scale trends in ecosystem services, but even relatively good proxies are likely to be unsuitable for identifying hotspots or
priority areas for multiple services.
Key-words: biodiversity, carbon, conservation planning, ecosystem services, England, GIS,
hotspots, natural capital assets, recreation, spatial value transfer

Introduction
Awareness of the importance of key ecosystem services in
maintaining human well-being has greatly increased since the
publication of the Millennium Ecosystem Assessment (2005).
Many conservation biologists, conservation NGOs and
public agencies have embraced the ‘ecosystem service based
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approach’ [e.g. Daily & Matson 2008; the Natural Capital
Project (http://www.naturalcapitalproject.org/); the UK’s
Department of Environment, Food and Rural Aﬀairs (http://
www.ecosystemservices.org.uk/)] as a way to protect biodiversity and other critical natural assets. The limited studies to date
suggest that spatial variation in biodiversity and other ecosystem services are not necessarily positively correlated (e.g.
Naidoo et al. 2008; Anderson et al. 2009). There is thus
increasing interest in identifying small areas, or ‘hotspots’, that
are important for both biodiversity and multiple ecosystem
services (Chan et al. 2006; Turner et al. 2007; Naidoo et al.
2008; Egoh et al. 2009). In addition, studies that aim to predict
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ecosystem service distributions and tradeoﬀs in the face of climate change are beginning to appear (e.g. Metzger et al. 2006;
Nelson et al. 2009).
Perhaps the greatest obstacle to substantial progress in
assessing ecosystem services is a lack of data – there is simply
none available for most services in most of the world. This has
led to many maps of ecosystem services being based on crude
estimates (cf. Naidoo et al. 2008), though the quality of data
varies widely between studies and services. In general, the
methods used to produce ecosystem service maps can be
broadly divided into those that are based on at least some primary data from within the study region, and those that are not
(proxies). The former category can be further subdivided into
maps based on representative sampling across the whole study
region and modelled surfaces based on primary data, while the
latter can be broadly divided into land cover based proxies and
prior knowledge driven modelled surfaces (Table 1).
Ecosystem service maps based on representative sampling of
the entire study region are limited to very few services (biodiversity, recreation), and are either large-scale but coarse resolution (e.g. global distribution of birds; Orme et al. 2005), or
limited to regional analyses of well studied areas (e.g. recreational use of the countryside in England; Eigenbrod et al.
2009). Ecosystem service maps created by modelling the relationship between samples of a service and readily measurable

environmental variables (climate, land cover, soil types) are
more common within the ecosystem service literature. They
have been used in large-scale multi-service studies to map carbon storage (e.g. Milne & Brown 1997; as used by Eigenbrod
et al. 2009), carbon ﬂuxes (e.g. McGuire et al. 2001), and
biodiversity priority areas (e.g. Chan et al. 2006). They are also
sometimes used for studies examining a single service, such as
to model pollination potential of forest patches in a portion of
southern Madagascar (Bodin et al. 2006). Note that there is
considerable debate (e.g., inside the Millennium Ecosystem
Assessment process and the Natural Capital Project) as to
whether biodiversity is an ecosystem service in its own right, or
whether it should be considered separately, as elements of
biodiversity may play an integral role in underpinning other
ecosystem services. We consider biodiversity to be an ecosystem service in its own right here, but we recognize the need for
further study to examine the role of diﬀerent elements of biodiversity in supporting other ecosystem services.
Proxy-based maps are more common than maps based on
primary data (e.g. Sutton & Costanza 2002; Chan et al. 2006;
Troy & Wilson 2006; Turner et al. 2007; Egoh et al. 2008).
These are often based on digital raster land cover maps due to
the widespread availability of such data. These types of analyses include ‘spatial value transfer’ (Troy & Wilson 2006); otherwise known as ‘beneﬁts transfer’ (Plummer 2009), where a

Table 1. Major approaches to producing maps of ecosystem services
Methodology

Advantages

Requires primary data from within
Representative sampling of
entire study region (e.g. atlas
data; region-wide survey)

Modelled surface based on
sampling from within study
region

the study region
Provides the best estimate of
actual levels of ecosystem
services
Well suited to heterogeneous
ecosystem services
May require far fewer samples
than representative sampling
Smoothing will overcome
sampling heterogeneity

Does not require primary data from within the study region
Land cover based proxy
Enables mapping of ecosystem
(e.g. beneﬁts transfer)
services in regions where
primary data are lacking

Proxy based on logical
combination of likely causal
variables

Can oﬀer a major
improvement on performance
of land cover based proxies
alone, without the need for
much additional data

Disadvantages

Examples

Expensive or diﬃcult to
obtain, so often unavailable
Degree of error will depend on
sampling intensity

Recreation1,2
Biodiversity3,4
Reed and ﬁsh production5

Smoothing will mask true
heterogeneity in the service
Error will depend on sample
size and ﬁt to modelled
variables

Carbon storage2
Biodiversity6
Biodiversity ‘hotspots’7,8
Carbon sequestration9
Agricultural production10
Pollination11,12
Water retention13
Recreation14

Fit of proxy to actual data
may be very poor

Biodiversity (existence value
and bioprospecting)7,15,16,17
Recreation7,16,18
Carbon storage6,7,8,15,16
Flood control; soil
conservation7,15,16
Recreation6,16,19,20
Flood control, water
provision6
Soil accumulation21

Potential for large error is still
high if assumed causal
variables are not in fact good
predictors

1. Larsen et al. 2008; 2. Eigenbrod et al. 2009; 3. Egoh et al. 2009; 4. Anderson et al. 2009; 5. Hein et al. 2006; 6. Chan et al. 2006; 7.
Turner et al. 2007; 8. Naidoo et al. 2008; 9. Nelson et al. 2008; 10. Naidoo & Iwamura 2007; 11. Kremen et al. 2004; 12. Bodin et al.
2006; 13. Guo & Gan 2002; 14. Willemen et al. 2008 15. Eade & Moran 1996; 16. Sutton & Costanza 2002; 17. Naidoo & Ricketts
2006; 18. Metzger et al. 2005; 19. Troy & Wilson 2006; 20. Önal & Yanprechaset 2007; 21. Egoh et al. 2008.
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monetary value for an ecosystem service is assigned to each
land cover class based on estimates from prior studies. For
example, the estimate of the value of nutrient cycling for
tropical forests in Costanza et al.’s. (1997) seminal valuation
of global ecosystem is based on a single Indian case study
(Chopra 1993). Several authors have then used Costanza
et al.’s biome-level estimates of the values of ecosystem service
to produce maps (Kreuter et al. 2001; Sutton & Costanza
2002; Turner et al. 2007). Beneﬁts transfer based mapping of
ecosystem services has also been done over smaller spatial
extents (Eade & Moran 1996; Naidoo & Ricketts 2006; Troy &
Wilson 2006). Constant ecosystem service values may also be
assigned to land cover classes in large-scale studies where more
detailed information is lacking. For example, the carbon storage layer (Gibbs 2007) used by Naidoo et al. (2008) only gives
a single estimate of carbon storage for each biome. In a second
example, Metzger et al. (2006) considered all non-urban land
cover in Europe except cropland to have equal recreational
potential, and cropland and urban areas to have no recreational potential.
In addition to mapping ecosystem services using values from
land cover based proxies alone, a number of studies have incorporated existing knowledge about causal relationships from
multiple existing datasets into a proxy layer. For example,
Chan et al. (2006) weighted land use by its proximity to human
population centres when mapping the distribution of ﬂood
control and rural recreation services. Similarly, Troy & Wilson
(2006) subdivided some land cover classes to account for proximity to settlements (e.g. beach vs. beach near human dwelling), and Egoh et al. (2008) combined maps of soil erosion
potential and vegetation cover to create a map of soil retention
for South Africa.
There is widespread recognition that proxy-based maps are
crude estimates of actual distributions of ecosystem services
(e.g. Turner et al. 2007; Naidoo et al. 2008), but, until recently,
little discussion of the likely magnitude of such errors. Plummer (2009) suggests that the errors associated with ecosystem
service mapping based on beneﬁts transfer are likely to be very
high, due primarily to ‘generalization error’. Generalization
error is that due to the assumption underlying beneﬁts transfer
based mapping that the value of an ecosystem service for a particular land cover type is (i) the same in the area being mapped
as in the studies from which the value was obtained; and (ii) is
constant across the entire area being mapped. Generalization
error can be further subdivided into the error associated with
extrapolating estimates of the economic value of an ecosystem
service taken in one location and assuming these apply to a different location, and into the error associated with failing to
account for the spatial variability in biophysical measurements
of ecosystem services. We only consider the latter here. When
considering biophysical variation in ecosystem properties,
ecologists have long recognized the dangers of extrapolating
from the results of a study at one location to wider geographical areas (e.g. Lawton 2000), and equally that spatial scaling is
common in ecological systems (e.g. Wiens 1989); however,
these insights have received insuﬃcient attention in the ecosystem services literature.

Little is known about how the errors associated with proxybased methods might aﬀect the inferences drawn from analyses
because quantifying the impacts of such errors is diﬃcult without comparisons with primary data. These comparisons
remain wanting, and shortcomings of proxy-based maps have
only been addressed through sensitivity analyses (e.g. Turner
et al. 2007; Nelson et al. 2008). Here, we compare patterns and
spatial congruence of biodiversity (species of conservation
concern) and two other ecosystem services (carbon storage and
rural recreation) for England, based on proxy-based maps and
maps of the same services based on primary data. Our study
represents a ﬁrst attempt to quantify the potential eﬀects of
using proxies on the results of studies mapping the spatial
distribution and congruence of ecosystem services.

Materials and methods
CREATION OF ECOSYSTEM SERVICE MAPS

Our approach for comparing ecosystem service maps based on primary data with maps based on proxy data was deliberately simple,
replicating approaches that are most commonly taken in the literature
(Table 1). First, we constructed maps for the three services [biodiversity (species of conservation concern), carbon storage, and recreation]
based on the best available primary data. We used the recorded presences of 326 terrestrial Biodiversity Action Plan (BAP) (Anonymous
1994) (birds, bryophytes, butterﬂies, mammals, herptiles and plants
present in England) species measured at the 2 · 2 km grid square resolution as our measure of biodiversity. The biodiversity layer is thus
eﬀectively an accumulation of observer records, and could therefore
be prone to observer bias due to higher densities of (volunteer)
observers in the south and east of England. However, for taxonomic
groups where such bias has been assessed (plants – Preston, Pearman
& Dines 2002; butterﬂies – Asher et al. 2001) it is judged to be a minor
issue for species with a restricted range and ⁄ or of conservation concern (e.g. UK BAP species), as such species are more intensively sampled than those which are common and widespread. Species richness
derived from presence ⁄ absence within 2 km · 2 km grid squares is
therefore a reasonable representation of true BAP biodiversity. The
carbon storage layer is an estimate of combined organic soil and
above ground vegetation carbon (in kg C ⁄ m2) calculated at the
1 · 1 km resolution. We considered the number of day leisure visits
(n = 6279 for all of England) to rural locations (where the main purpose was enjoyment of the landscape), to be representative of the recreation value of the landscape. Day leisure visits were obtained from
a telephone-based survey of leisure trips of the entire English population - the England Leisure Visits Survey 2005 (main survey) (http://
www.naturalengland.org.uk/ourwork/enjoying/research/monitor/
leisurevisits/elvdownloads.aspx).
We then calculated the average values of each of these services at
the 10 · 10 km grid square resolution. We used 10 · 10 km grids as
this was the ﬁnest resolution that was suitable for all three data sets,
and because earlier work (Anderson et al. 2009) showed that correlations between these ecosystem services are generally qualitatively similar whether 2 · 2 km or 10 · 10 km resolution data is used in the
analyses. Detailed methods are available in Data S1. Second, we created land cover proxy maps from these three primary data maps by
superimposing the data maps onto a land cover map, and then assigning a value to each of 11 land cover classes based on the average value
of each service for a particular land cover class in the primary data
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nent of generalization error (Plummer 2009) as studies based on beneﬁts transfer. However, our approach should be a better reﬂection of
the actual distribution of ecosystem services as it uses a consistent
methodology and is based on data covering the entire study region.
We also constructed a land cover based proxy map weighted by
human population density and ease of access for recreation (Fig. 1)
using the same approach as Chan et al. (2006) to allow us to compare
the eﬀectiveness of this approach to using a proxy based just on land
cover. Detailed methods for the proxy map creation are available in
Data S1. All GIS analyses were carried out in ArcGIS ⁄ ArcInfo 9.2
(ESRI, Redlands, CA, USA).

ANALYSIS

We ran two types of analyses to quantify the eﬀects of using proxies
on inferences made from mapping ecosystem services. We compared
the degree of congruence of the maps created from primary data and
from proxies for England as a whole (Table 2; Fig. 1) and for ‘hotspots’ for each of the three ecosystem services (Table 3; Fig. 2). We
deﬁned hotspots to be the largest decile (approximately the top 10%
of grid cells, depending on ties), the two largest deciles (20% of grid
cells) or the three largest deciles (30% of grid cells) for each service
(Fig. 2). We also calculated the bivariate relationships (Spearman
correlation coeﬃcient) between the three ecosystem services (Table 2)
and the degree of congruence of the hotspots (Table 4; Fig. 3) using
maps based on both the primary data and on proxies. The frequency
distributions of the data limit options for controlling for spatial autocorrelation in residuals. Because of this and because we lack essential
information regarding spatial processes (e.g. regarding their stationarity), we have taken the simpler course of presenting nonspatial statistics. All statistical analyses were carried out in R 2.7.2
(R Development Core Team 2008).

Results

Fig. 1. Distribution of ecosystem services in England based both on
proxies and primary data. The cut-oﬀ values are quartiles calculated
separately for each map. Units are the average number of visits (recreation), number of BAP species (biodiversity) per 2 · 2 km square
within each 10 · 10 km square, and the average number of kilograms
of carbon stored per m2 in each 1 · 1 km square within each
10 · 10 km square.

map (Fig. 1). These land cover classes are: deciduous forest; coniferous forest; cropland; pasture ⁄ grassland; moorland heather; wetland;
inland water; bare rock ⁄ quarry; urban ⁄ suburban; coastal rock; submerged ⁄ tidal rock (Table S1). Our land cover based proxy maps differ from existing studies in that we assigned values to each land cover
type based on direct estimates from a single data set, rather than by
combining estimates from multiple case studies as carried out by
Costanza et al. (1997) and Troy & Wilson (2006). Our approach still
makes the same key simplifying assumption that the ecosystem service value of a particular land cover type remains constant across the
entire study area, and should thus be similarly aﬀected by this compo-

England-wide comparisons suggest that distribution maps
based on proxies provide poor estimates of the distributions of
ecosystem services based on primary data, with the proxy distributions at best only very broadly similar to maps based on
primary data (Table 2; Fig. 1). Unsurprisingly, the highest correlation was for carbon storage - the only one of our services
where the primary data map was itself a modelled surface partially based on land cover – although even there the correlation
was not especially high (Spearman’s rho = 0Æ57). Weighting
land cover by population and proximity to roads improved the
ﬁt to the distribution based on representative sampling from
rho = 0Æ42 to 0Æ50 (Fig. 1; Table 2) for recreation; the correlation between the two diﬀerent recreation proxy surfaces was
rho = 0Æ81.
The bivariate spatial correlations between the three ecosystem services were broadly similar whether we used proxy or
primary data (Table 2). However, using the biodiversity proxy
rather than primary biodiversity data meant that the weak
positive association with recreation disappeared (rho = )0Æ02
vs. 0Æ18), and that there was a stronger negative association
with carbon storage ‘data’ (rho = )0Æ36 vs. )0Æ19). Interestingly, using the land cover based proxy for recreation led to
associations with the other ecosystem services that were generally more similar to those based on primary data than if we
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Table 2. Correlations (Spearman’s rho) (n = 1485) between ecosystem service maps based on primary data and proxy maps for England as a
whole (Fig. 1)

Biodiversity – data
Biodiversity – proxy
Carbon – data
Carbon – proxy
Recreation – data
Recreation – land cover alone

Biodiversity –
proxy

Carbon –
data

Carbon –
proxy

Recreation –
data

Recreation – land
cover alone

0Æ37***

)0Æ19***
)0Æ36***

)0Æ23***
)0Æ62***
0Æ57***

0Æ18***
)0Æ02
)0Æ19***
)0Æ15***

)0Æ13***
)0Æ12***
)0Æ24***
)0Æ15***
0Æ42***

Recreation – land
cover + population
+ access
0Æ26***
0Æ08**
)0Æ33***
)0Æ32***
0Æ50***
0Æ81***

Table 3. Comparison of hotspots of ecosystem services based on primary data and land cover based proxy data. The possible number of cells (all
10 · 10 km grid cells in England) is 1485 for all analyses
Number of cells in hotspot

Ecosystem
service

Hotspot
criteria

Primary
data

Proxy
data

Overlap between
primary and
proxy data

Percentage of cells
that overlap compared
with primary data

Biodiversity
Carbon
Recreation

Top 10%
Top 10%
Top 10%

149
149
149

149
149
149

34
93
25

23
62
17

Biodiversity
Carbon
Recreation

Top 30%
Top 30%
Top 30%

446
446
438

446
446
407

187
280
240

42
63
54

used for recreation the proxy that included weighting by population and proximity to roads, despite the latter proxy having a
better ﬁt to primary data than the former (Table 2). Potential
drivers of the correlations between the primary data surfaces
for these three ecosystem services are discussed in Anderson
et al. (2009) and are not considered further here.
The degree of spatial overlap between hotspots based on
raw data versus proxies depended on the ecosystem service
considered, and on the number of hotspot cells examined.
For all three services, there was reasonable (42–63%) congruence between data- and proxy-based hotspots when these
were deﬁned as the top 30% of grid squares (Table 3).
However, when the top 10% of cells was considered the
overlap was much lower: 23% for biodiversity, and 17% for
recreation. This indicates that the proxy maps were particularly poor predictors of the best (10%) areas in England for
these two services (Fig. 2). However, this was not the case
for carbon storage, where the degree of congruence of hotspots based on proxy and primary data was as high for the
top 10% of cells (62%) as for the top 30% (63%) (Table 3;
Fig. 2).
There was also very little spatial concordance in the cells in
which two or more ecosystem service hotspots overlapped
between maps created using primary data with those using
proxy data (Table 4; Fig. 3). The highest degree of overlap
between hotspots based on primary data with those based on
proxies was 19% for biodiversity-recreation, when hotspots

were deﬁned as the top 10% of cells. Finally, there was at best
8% spatial concordance in the locations where hotspots of all
three ecosystem services overlapped between the proxy- and
primary data-based maps (Table 4).

Discussion
Plummer (2009) calls for studies to assess the magnitude of
potential errors in ecosystem service maps based on spatial
value transfer. Ours is the ﬁrst such study, and the results
conﬁrm Plummer’s suspicion that the errors associated with
spatial value transfer based proxies are considerable: proxies
that are based on coarse or categorical input data (e.g. broad
vegetation types) are likely to provide poor estimates of the
actual distributions of ecosystem services. For biodiversity
(species of conservation concern) and recreation – the two
surfaces where the primary data maps were based on representative sampling – the correlations between the proxies and the
primary data surfaces were less than 0Æ50, even using ranked
data. Furthermore, correlations between two of the three
bivariate combinations of ecosystem services were substantially diﬀerent when proxies were used rather than primary
data surfaces, and sets of hotspots selected using proxy data
bore little resemblance to those selected using primary data.
Finally, most proxies used in the literature are based on estimates for ecosystem services from either outside or within a
small portion of the study area, and thus are likely to have even
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Fig. 3. Overlap of ecosystem service hotspots based on primary data
and proxy data. Results are shown for the overlap of hotspots deﬁned
as being the top 30%, top 20% or top 10% of cells.
Fig. 2. Ecosystem service hotspots, as calculated using maps based on
primary data and proxies. Hotspots are deﬁned as being the top 30%,
top 20% or top 10% of cells.

weaker correlations with the actual distributions of ecosystem
services than in our study, where the proxies are based on the
mean values of the primary data for the entire study area. In
addition, we only consider the implications of failing to

Table 4. Comparisons of multi-ecosystem service hotspots based on primary data and proxy data
Number of Congruent cells

Primary
data

Proxy
data

Overlap between
primary and proxy

Percentage of cells
that overlap compared
with primary data

Ecosystem services

Hotspot
criteria

Biodiversity and carbon
Biodiversity and recreation
Recreation and carbon
Carbon and recreation and biodiversity

Top
Top
Top
Top

10%
10%
10%
10%

7
21
7
0

2
20
7
2

0
4
0
0

0
19
0
0

Biodiversity and carbon
Biodiversity and recreation
Recreation and carbon
Carbon and recreation and biodiversity

Top
Top
Top
Top

30%
30%
30%
30%

86
169
89
25

13
79
87
12

4
21
16
2

5
12
18
8
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account for biophysical variation in ecosystem services in our
study; these errors will be equally problematic when considering spatial variation in economic valuation estimates of ecosystem services.
The eﬀect that the errors in ecosystem service proxies have
on inferences will depend on the grain of the analysis that is
attempted. For example, if the goal of our study had been to
identify whether the southeast of England had more biodiversity than the northwest, then we would have obtained the same
answer using our proxies as using our primary data surfaces
for biodiversity. However, proxies were completely unsuitable
for selecting the top 10% of land area in England for biodiversity or for recreation. Moreover, proxies were highly inaccurate for selecting areas important for multiple hotspots, even
when ‘important’ was deﬁned very broadly as the top 30% of
grid squares. This has major implications for management
given the large number of recent studies that identify small
and ⁄ or overlapping areas of high ecosystem service value
(Chan et al. 2006; Turner et al. 2007; Naidoo et al. 2008; Egoh
et al. 2009; Nelson et al. 2009).
In general, modelled surfaces – of which proxies are
extreme examples – should not be used to select hotspots
(although areas identiﬁed in this way may represent useful
locations for further examination). This is because hotspots
are, by deﬁnition, a small number of sites selected from the
tail end of the distribution of a variable. Modelled surfaces,
which are based primarily on values around the mean of the
variable, will invariably be poor at predicting the true
locations of these extreme values. For example, in our land
cover based proxy surface for biodiversity, cropland is
assigned a higher biodiversity value than forest cover. While
this is generally true (due to the large numbers of species of
conservation concern within small fragments of natural vegetation within such areas and not the crops per se), some
squares have much lower values than others, and indeed
much lower values than the highest-value forested squares
due to diﬀerences in the quality of the sites that are not
apparent from land cover alone. It is such ‘unusual’ squares
that are driving the distribution of the 10% hotspots for biodiversity in the raw data (Fig. 2). The problems associated
with selecting hotspots based on modelled surfaces can be
minimized by deﬁning hotspots very broadly (e.g. Egoh et al.
2009). This is because as the proportion of the total
area deﬁned as a hotspot is increased, and fewer and fewer
‘unusual’ squares are included, the distribution of ‘hotspots’
will begin to look more like the broad pattern for the ecosystem service, reducing the importance of precisely identifying
small-scale heterogeneity in the underlying data.
The use of proxies for identifying areas important for multiple ecosystem services is also problematic, due to error propagation. For example, if the odds of correctly identifying
hotspots of two ecosystem services are 40% and 30%, respectively, then the expected probability of correctly identifying
overlapping hotspots is only 12% (0Æ4 · 0Æ3 = 0Æ12), provided
that the errors underlying the two ecosystem service layers are
independent. The actual degree of congruence may be even
lower. Proxy-based hotspots of carbon storage and biodiver-

sity identiﬁed using the 30% cut-oﬀ in our analyses were 63%
and 42% congruent, respectively, with the primary data based
hotspots. However, hotspots of these two ecosystem services
based on proxy data were only 5% congruent with the overlap
obtained from primary data, rather than the 26% expected
from simple probability theory (0Æ63 · 0Æ42 = 0Æ26). In this
case, the low congruence is because the grid cells where the
hotspots for these two services overlapped were disproportionately those where the proxy and primary based hotspots for
these two services did not overlap (Figs 2 and 3). Finally, once
multiple ecosystem services are considered, conﬁdence in the
correct identiﬁcation of coincident hotspots becomes extremely low.
Our results also illustrate that using proxies based on strong
causal drivers is still unlikely to result in a good ﬁt to primary
data. The two variables we used to create the weighted recreation surface – access and population density – are both known
to be strong drivers of recreational use (e.g. Hörnsten & Fredman 2000; Natural England 2006), yet the ﬁt to primary data
was still only rho = 0Æ50. This approach will be even more
problematic where the associations among perceived causal
drivers and a particular ecosystem service are less well understood, which is likely to be the case for most services.
Of course, as with all such data, the primary data surfaces
we used in these analyses are themselves imperfect measures of
the ecosystem services we consider here. However, errors in
our primary data sets should have little qualitative impact on
the major ﬁnding of this study – that land cover based proxies
are unlikely to capture ﬁner-scale variation in ecosystem
services and hence result in a poor ﬁt to actual distributions.
Indeed, it is likely that better primary data would show even
greater variability of ecosystem services within land cover
types.
These results have major implications for future research.
Good-quality proxy maps can be useful for mapping broadscale patterns in ecosystem services, sensu Egoh et al. (2008).
However, error propagation means that any attempt to select
priority areas for multiple ecosystem services based on proxies
– even if based on broad deﬁnitions of ecosystem services (e.g.
Egoh et al. 2009) – is likely to result in a poor ﬁt to actual data.
More generally, our results raise an interesting question:
should we initiate policies to conserve natural capital assets
based on available – but very imprecise – estimates of ecosystem services from proxy-based maps, or should we instead
prioritize mapping the actual distribution of ecosystem services? Balmford & Gaston (1999) raised this question in the
context of reserve selection for conserving biodiversity. They
argue that, in most cases –provided it can be done quickly relative to the rate of any environmental degradation – it is more
cost-eﬀective to increase survey eﬀort rather than use poor
quality data for reserve selection. This is because the costs of
surveys are usually far less than the costs of purchasing the
extra land that is needed to compensate for the large error
in the distribution of biodiversity that comes from using
poor-quality data. It seems likely that the same is true for
ecosystem services, and that the beneﬁts of improved mapping
will far outweigh the costs. This is because maps based on pri-
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mary data will allow robust selection of priority areas for multiple services, whereas – as shown here – proxy-based maps can
only be used for very coarse scale planning. More work is
needed to explore the tradeoﬀs between the beneﬁts of improving knowledge of ecosystem services versus the costs of
inaction or the costs of misidentifying important areas for
ecosystem services.
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