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a b s t r a c t
Agricultural practices are essential for sustaining the human population, but at the same time they can
directly disrupt ecosystem functioning. Ecological risk assessment (ERA) aims to estimate possible adverse
effects of human activities on ecosystems and their parts. Current ERA practices, however, incorporate very
little ecology and base the risk estimates on the results of standard tests with several standard species. The
main obstacles for a more ecologically relevant ERA are the lack of clear protection goals and the inherent
complexity of ecosystems that is hard to approach empirically. In this paper, we argue that the ecosystem
services framework offers an opportunity to deﬁne clear and ecologically relevant protection goals. At the
same time, ecological models provide the tools to address ecological complexity to the degree needed to link
measurement endpoints and ecosystem services, and to quantify service provision and possible adverse
effects from human activities. We focus on the ecosystem services relevant for agroecosystem functioning,
including pollination, biocontrol and eutrophication effects and present modeling studies relevant for
quantiﬁcation of each of the services. The challenges of the ecosystem services approach are discussed as well
as the limitations of ecological models in the context of ERA. A broad, multi-stakeholder dialog is necessary to
aid the deﬁnition of protection goals in terms of services delivered by ecosystems and their parts. The need to
capture spatio-temporal dynamics and possible interactions among service providers pose challenges for
ecological models as a basis for decision making. However, we argue that both ﬁelds are advancing quickly
and can prove very valuable in achieving more ecologically relevant ERA.
© 2011 Elsevier B.V. All rights reserved.

1. Introduction
The world's ecosystems are increasingly under pressure from
various anthropogenic activities. For instance, agriculture is essential
for sustaining the human population, but also directly disrupts
ecosystem functioning (Power, 2010). Some of the impacts associated
with intensive agricultural practices include the conversion of natural
habitats into agricultural ﬁelds, adverse effects of pesticides on nontarget organisms through chemicals and nutrient runoff into adjacent
water bodies. Ecological risk assessment (ERA) is a process that
estimates potentially adverse effects and risks, to ecosystems or their
components, from human activities and multiple human-induced
stressors (Munns, 2006). Theoretically, ERA is not limited to any speciﬁc
activity, yet traditionally it has focused mostly on the assessment of
adverse effects caused by toxic chemicals. Pesticides, for instance, are
chemicals designed to be highly toxic towards speciﬁc organisms and
are deliberately and regularly introduced into the environment. As such,
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they have to go through an extensive risk assessment process, including
the provision of large toxicity datasets, to ensure minimal risks to the
ecosystems and their biota (Hommen et al., 2010). Accordingly, this
group of chemicals receives a lot of attention and an accompanying body
of legislation that regulates its use in the environment. In Europe,
current pesticide risk assessment is a tiered approach that, in its ﬁrst
tiers, focuses on measuring adverse effects from speciﬁc chemical
compounds on a handful of chosen species, thought to represent the
most sensitive species in the environment (EU, 2009; SANCO, 2002).
In spite of its name, ecological risk assessment involves very little, if
any, ecology because ecological data, such as species' life-history traits,
population structure, density-dependent regulation, species composition and interactions, landscape structure etc., are commonly
ignored (Forbes et al., 2009; Van den Brink, 2008). Furthermore, the
choice of standard test species is usually governed by practicality, i.e.,
geared towards species that are easily cultured in laboratories, such as
Daphnia sp. and zebra ﬁsh. Neither the relation between the wellbeing of these species and the targeted ecosystem is well understood,
nor do they represent the most vulnerable species in ecosystems.
Accordingly, current ecological risk assessment is neither ﬁrmly based
on scientiﬁc knowledge about ecosystems or their components, nor
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does it deﬁne ecologically relevant protection goals, although both
aspects are required by European legislation, and are aspired to by
experts in the ﬁeld. Two main obstacles that prevent more ecologically
relevant risk assessments are the lack of deﬁnition of concrete
protection goals and the complexity of ecosystems that usually lies
beyond feasible empirical testing.
Application of the ecosystem services concept as a basis for
environmental management has gained momentum in recent years
and offers promise as a valuable tool for setting meaningful ecological
protection goals. Ecosystem services are the beneﬁts people obtain
from ecosystems and can be inﬂuenced directly or indirectly by drivers
of change (Millennium Ecosystem Assessment, 2005). Examples of
indirect drivers are demography and policy while examples of direct
drivers are land use and climate change. In this paper we show that
models are not only very suitable for describing the mechanistic
relationships occurring within ecosystems but also for how these
relationships can be inﬂuenced by (external) drivers.
Ecological models have the potential to address the other problem
that hinders ecologically relevant risk assessment: the inherent
complexity of ecosystems. Modeling approaches may help overcome
limitations of currently applied approaches to ecological risk assessment (Forbes et al., 2009; Thorbek et al., 2009; Galic et al., 2010) as
they allow the inclusion of both intrinsic sensitivity to a toxicant and
various relevant ecological factors in a single study. Modeling studies
allow investigation of the impacts of various stressors on ecosystem
components relevant for ecosystem services, and permit analysis at
larger spatial and temporal scales than can be done experimentally.
Subsequently, through extensive scenario testing, they can help to
identify situations where risks are relatively higher (or lower) and
thereby facilitate more efﬁcient use of resources and identiﬁcation of
efﬁcient mitigation measures. Such extended scenarios cannot be
approached experimentally in practice, but are essential if larger
ecosystem components, rather than individual organisms, are the
focus of study.
In the following paragraphs, we brieﬂy introduce the concept of
ecosystem services and identify services relevant to ERA with a special
focus on agroecosystems. Ecological modeling has been applied in the
context of ERA and several different modeling approaches are
available. After providing a short overview of the approaches, we
discuss how models can be of particular value if ecosystem services are
the protection goals of ERA. We provide three prominent examples of
ecosystem services that are commonly affected by agricultural
practices. We conclude the paper with a discussion of the challenges
and give an outlook on potential future directions for research and
legislation.
1.1. Ecosystem services framework
Hommen et al. (2010) reviewed European legislation related to
chemical use and showed that environmental protection goals are very
broadly and vaguely deﬁned, mostly stating that “no adverse effects on
the environment or species” should occur. This has usually been
interpreted as protecting exposed populations, rather than individuals. However, in some cases the protection of individuals, such as
vertebrates, or of speciﬁc ecological properties (e.g., water quality in
rice paddy systems), instead of biodiversity parameters, is of interest
(Hommen et al., 2010; SANCO, 2002). Recently the European Food
Safety Authority (EFSA) suggested a new, more comprehensive
approach for setting protection goals against adverse effects of pesticides using the ecosystem service framework (EFSA PPR PoPPPatR,
2010).
Ecosystem services (ES) are, in essence, functions of and provisions
from ecosystems that are useful for and available to humans. The
concept was ﬁrst elaborated by Daily (1997) and Costanza et al.
(1997), and its application in environmental policy was fostered by the
Millennium Ecosystem Assessment project (Millennium Ecosystem

Assessment, 2005). In the assessment, four main groups of services are
distinguished, namely provisioning services, e.g. food, water, ﬁber and
fuel; regulating services that include regulation of air quality, erosion,
disease, pests etc.; cultural services that pertain to non-material
beneﬁts such as recreation, cultural and religious values, and cultural
heritage; and supporting services that provide a basis for all other
services, and involve processes such as photosynthesis and primary
production, nutrient and water cycling. Some services can be provided
by multiple ecosystems, and the same ecosystem provides multiple
services; both of these issues are important since maximizing one
service is likely to result in tradeoffs on other services. For a more
comprehensive and global analysis of the ecosystem services concept
and ecosystems in general see the website of the RUBICODE project
(www.rubicode.net, last accessed 15.01.2011.).
In agroecosystems, several services are essential for proper
functioning of the system, but at the same time they can be negatively
affected by standard agricultural practices (Power, 2010). These include
pest control, pollination, nutrient cycling, soil structure and fertility,
water provision, carbon sequestration and (genetic) biodiversity.
Most services are not typically delivered by an ecosystem as a whole,
but rather by its distinct parts. This notion led to the introduction of the
concept of service providing units (SPU) (Luck et al., 2003), that
represent populations of species that provide the service at a certain
temporal or spatial scale. This concept allows a direct link between the
service and the part of the ecosystem that provides it to be made (Luck
et al., 2003), where changes in the characteristics of a given SPU have
consequences for service provision. The exact deﬁnition and extent of an
SPU varies with the type of service and can be anything from a local
population or community of species to a global distribution of a speciﬁc
species. Kremen (2005) elaborates on this concept by introducing
ecosystem service providers (ESP), covering the diversity of functions
and traits found in populations, communities, and spatially or
temporally disjunct networks that are necessary for service delivery.
In conclusion, the ecosystem services framework offers a different
way to formulate protection goals that is especially relevant for
ecological risk assessment. Rather than basing all our actions on
practicality and several hand picked species, the ES concept facilitates
the identiﬁcation of key services and service providers for a speciﬁc
system. These key services can therefore be the focus of protection, i.e.
protecting the service protects its providers. The spatio-temporal
identiﬁcation of the key services and service providers that will
represent the protection goals of ERA will have to be conducted by
scientists, regulatory authorities, industry, NGOs and other stakeholders working in collaboration.
Here we argue that well chosen ecological models can be powerful
tools to improve the links between what we measure in ERA and what
we want to protect, using ecosystem services as speciﬁc protection
goals.
1.2. Ecological models in ERA
All models, including ecological models, are by deﬁnition a simpliﬁcation of reality, designed to study a given system. Historically, they
were used for investigating ecological phenomena and were mainly
developed by theoretical ecologists (starting with Malthus, 1798).
Their assumptions can be tested in different scenarios, and thus,
ecological models can foster mechanistic understanding of ecosystems
and their parts.
Ecological models can encompass different levels of biological
organization: from individual, population, metapopulation, community
to ecosystem, and they can be spatially implicit or explicit. Complexity
and amount of detail may be varied depending on the type of question
under investigation. As a consequence of increasing computer power, it
is becoming more and more feasible to incorporate larger spatial and
temporal scales and to include more detail into ecological models.
Combination of both biological and spatial dimensions can be necessary
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for speciﬁc questions, and the level of integrated detail depends on the
system and the desired output of the model.
Ecological models of various spatial and biological resolution have
been used for ecological applications, e.g., in the ﬁelds of conservation
biology, wildlife and ﬁsheries management (e.g. Starﬁeld, 1997). In
such applied ﬁelds of research, ecological models are increasingly used
to predict future behavior of tested systems. Some modeling studies
are developed for projections beyond available datasets, where the
consequences of various scenarios are evaluated in terms of their
effects on growth, abundance, structure, or some other population,
community or ecosystem, characteristic in the future. Models used for
such predictive purposes often require much more mechanistic
understanding of the system, i.e. they include knowledge and
assumptions about the functioning and underlying processes of the
whole system and its parts. In order to conﬁrm the suitability for the
speciﬁc context, such models typically have to go through multiple
comparisons with empirical data to test whether patterns observed in
the model output are comparable with patterns observed in the ﬁeld
(Grimm et al., 2005).
In the realms of ERA, the added value of ecological models in
obtaining more realistic assessments of risk has been argued (Forbes
et al., 2008; Forbes et al., 2009; Thorbek et al., 2009; Galic et al., 2010;
Schmolke et al., 2010a; Wang and Grimm, 2010). Several different
modeling approaches have been applied speciﬁcally to questions
related to chemical risk assessment (Galic et al., 2010; Schmolke et al.,
2010a); their development and use are not, however, restricted to the
ﬁeld of ERA. Differential equation models are typically used in simple
assessments of unstructured population growth under different
conditions or in more biologically complex systems, such as food
web or ecosystem models, where the functional groups are assumed
to be biologically unstructured. In matrix models, populations are
divided into relevant classes (age, stage, size etc.) with class-speciﬁc
survival and fecundity schedules. Matrix models are especially
popular in chemical risk assessment studies, as they allow extrapolation of toxicity data available for different life stages of an organism
to the dynamics of a population and also project population growth
into the future, under the assumption that relevant life-history traits
remain the same. Relatively straightforward sensitivity analysis, i.e.
elasticity analysis, is based on matrix algebra and gives direct insight
into the relative contribution of class-speciﬁc life-history traits to the
overall population growth rate. In cases where more detail on the
behavior of individuals is relevant, individual-based models can be
used. In typical pesticide risk assessment studies, the level of model
complexity will depend on the population-level endpoint that needs
to be assessed, whether the model is protective or aims toward more
accurate prediction, and also on the extent to which conclusions
drawn from the model are intended to be general rather than system
speciﬁc (Forbes et al., 2008). All of the model types described above
can be combined with explicit consideration of space for an assessment of effects of chemicals across spatial scales.
2. Ecological models for the assessment of ecosystem services
Ecological models are valuable tools that can be applied to achieve
more ecologically relevant risk assessments, and that seem to be
gaining in importance in this ﬁeld (Grimm et al., 2009). However,
models have to be developed around speciﬁc questions, in the context
of ecological risk assessment, and to address particular protection
goals. Current protection goals as speciﬁed in relevant legislation are
not speciﬁc, but phrased in general terms that aim to keep impacts
“acceptable” (Hommen et al., 2010). Application of the ecosystem
services framework allows the general legislative protection goals to
be translated into entities that can be quantiﬁed and hence modeled.
More details on how this process can be implemented, using mostly
pesticides as an example, can be found in other contributions within
the Special Issue.
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After a clear protection goal, i.e. service, has been deﬁned, relevant
service providers have to be determined, and their role in the service
has to be understood and quantiﬁed. This will make data collection in
the ﬁeld necessary, but model approaches can greatly help in this
venture by making the data collection more focused. The major assets
of ecological models are the quantiﬁcation of the service contribution
by a service providing unit and quantiﬁcation of the effects that various
human activities have on these units. For instance, the service of
biocontrol is delivered by a number of species belonging to related and
unrelated taxonomic groups. Population models describing various
bird, insect and spider species have already been developed and used
to explore how changes in population dynamics can inﬂuence
biocontrol and how human activities alter the population dynamics
of the modeled species (e.g. Sherratt and Jepson, 1993; Thorbek and
Topping, 2005; Topping et al., 2005). If a contribution of one speciﬁc
species outweighs all the others, we can focus on modeling the
population dynamics of that species. In case the contribution of several
species to the same service provision is more or less equal, it will be
hard to ﬁnd modeling studies quantifying respective contributions of
all service providers. Speciﬁc endpoints of a modeling study will
depend on the service, service provider and relevant anthropogenic
activity that is being assessed, e.g., seasonal abundance dynamics
might be of relevance or the spatial distribution of the provider in a
given region. Judgments will also have to be made about how detailed
our quantiﬁcation needs to be and the extent to which it is sufﬁcient to
have rough estimates of particular responses so that risks can
subsequently be assessed. In some situations it might be sufﬁcient to
estimate the risk of an effect resulting in 50% mortality of a biocontrol
agent that suppresses the pest populations by 20%. In other situations,
more detailed and possibly multidimensional risk maps might be
needed.
Quantiﬁcation of service contributions facilitates a dynamic economic appraisal of service providing units. Research on the valuation of
ecosystem services had been increasing in the last decade (Fisher et al.,
2009). Adding a monetary value to a given service provides a means for
trade-off and cost-beneﬁt analyses in the decision-making process, i.e. it
makes comparison of alternative scenarios possible (Daily et al., 2009).
However, the ﬁeld of environmental accounting has not realized its full
potential mainly due to issues in classiﬁcation of ecosystem services
(Boyd and Banzhaf, 2007; Wallace, 2007), but also because many
services are hard to deﬁne in monetary terms, such as the value of fresh
potable water or some cultural services (Daily et al., 2009; Srinivasan
et al., 2008). In spite of the obvious challenges, ecological models are the
only tools that can dynamically capture changes in service provision and
that can be linked with their economic counterparts for testing
alternative scenarios of impacts of human activities.
2.1. Examples of relevant ecosystem services
In the following section, we describe three services delivered by
agroecosystems that are potentially affected by human practices,
identify the service providers and provide some examples of published
modeling studies. These examples demonstrate that model approaches already exist and could be used as a starting point to address
the speciﬁc needs of risk assessment related to agricultural practices.
Table 1 summarizes the key points of the example modeling studies.
We ﬁnish this section with published examples of models that
combine ecological and economic aspects of service trade-offs.
2.1.1. Pollination
According to the Millennium Ecosystem Assessment (2003),
pollination is a regulating service, provided by natural pollinator
communities in the habitat surrounding crop ﬁelds. Pollination receives
a lot of attention, partly because it is a service essential for agricultural
production, where around 40% of animal pollinated crops depend on
wild and domesticated pollinators (Power, 2010). Klein et al. (2007)
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Summary of presented case studies (without examples of trade-off analyses). RA: risk assessment, RM: risk management.
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analyzed crop data from 200 countries and found that 87 major food
crops rely on animal pollination. Also, pollination is one of the few
ecosystem services that can be relatively easily quantiﬁed as its value is
easily measured by estimating the change in crop production with
changes in service delivery (Losey and Vaughan, 2006). Pollination in
agricultural crops is not delivered solely by wild bee populations, but
mostly through managed honeybee populations. However, the managed honeybee stocks have been declining worldwide in the last several
decades, due to multiple factors, such as disease (Watanabe, 1994),
parasites, pesticide use, socio-economic factors (van Engelsdorp and
Meixner, 2010), making the contribution of wild pollinators to crop
production a research and conservation priority (Winfree et al., 2007).
The honeybee issue boosted the development of ecological models
relating to more general dynamics of honey bee populations and
colonies (Amdam et al., 2006; Becher et al., 2010; DeGrandi-Hoffman
et al., 1989; Makela et al., 1993; McLellan and Rowland, 1986; Omholt,
1988; Schmickl and Crailsheim, 2007) as well as those designed to
investigate speciﬁc causes and dynamics of collapse (Martin, 1998;
Martin, 2001).
The beneﬁciaries of pollination are local farmers, and native
pollinator species are the providers of the service. Species contributing
to pollination consist of around 50 bee species with a global
distribution, and around 7 other invertebrate and vertebrate species
(Klein et al., 2007). These species can be found in characteristic crops
that are grown globally. In order to quantify the given SPU, local bee
species have to be identiﬁed, their main characteristics determined
and population dynamics of different species need to be considered to
ensure spatio-temporal coverage of the service. Characteristics such as
population size, density in an area, spatial and temporal dynamics,
composition, diversity of necessary bee traits (preferred crop species,
visiting frequency, foraging time and distance etc.) and diversity of
habitats that ensure the presence of this complex all have to be
properly investigated and quantiﬁed. Moreover, to evaluate the
sustainability of a wanted ecosystem service, we have to integrate
the sensitivity of various traits and complex characteristics to changes
in land use, application of chemicals and/or environmental factors.
Relevant drivers of change and pressures include agricultural
intensiﬁcation, habitat fragmentation and loss due to land-use change
favoring agricultural crops rather than natural habitat. Global events
such as climate change also need to be taken into account, as well as
competition with domesticated bee species.
Ecological models developed for studying any of these aspects are
the only tools available to integrate different levels of service provision
in one study and to test various trade-off scenarios without massive
time, energy and ﬁnancial costs of ﬁeld experiments. Kremen et al.
(2007) developed a conceptual mobile-agent-based ecosystem service
(MABES) model in which they integrated the biology of service
providers, policies on land-use and market laws. Landscape structure
is of pivotal importance here, as it impacts spatio-temporal dynamics
of pollinators through availability of food, nesting, mating and
overwintering habitat. Furthermore, they included various abiotic
variables, such as increase in pesticide use, and biotic factors
inﬂuencing the persistence of pollinator communities, such as foraging
behavior, internal species traits affecting dynamics (e.g. haplodiploidy
and low fecundity, competition, parasitism). In this publication the
authors did not present an actual ecological model, but rather
developed a framework that clearly identiﬁes areas where ecological
models can be used for the quantiﬁcation of effects of different landuse strategies on the pollinator complex.
Rands and Whitney (2010) developed a simple spatially explicit
model to investigate how the pollinator's wild ﬂower foraging
preferences are affected by monocultures. In a very simple modeling
setting, where space was modeled as a two dimensional grid with
discrete cell units, pollinators were allowed to forage within a radius
from their nests, which were positioned within the managed ﬁeld
margins. Simulation output showed that the width and geometric

N. Galic et al. / Science of the Total Environment 415 (2012) 93–100

design of the margins, together with wild ﬂower density, will enhance
pollinator visits to wild ﬂowers, and increase the service in the
monocultures too. These results have yet to be empirically veriﬁed, but
their ﬁndings have direct implications for landscape management: the
ecosystem service of pollination will beneﬁt from increased wild
ﬂower density and from fewer, but wider ﬁeld margins, as opposed to
more numerous, but smaller margins. Both of these ﬁndings can be
further tested and implemented in real case studies.
2.1.2. Biological control
Biocontrol is also a regulatory ecosystem service that is often
evaluated within the ﬁeld of ecological risk assessment especially in
relation to pesticide use. It is very similar to pollination in that the
service beneﬁciaries are local farmers, the service providers are usually
assemblages of natural predator species whose viability, abundance
and population density can be affected by pesticides, habitat fragmentation, agricultural intensiﬁcation etc.
Bianchi et al. (2010) provide a theoretical investigation of how
predator dispersal abilities and habitat conﬁguration could govern the
identiﬁcation of locations where management strategies would have
highest impact on service delivery. They developed a spatially explicit
model in which the pest species populations grow exponentially
within habitat cells and do not disperse, whereas the natural
predators disperse across habitats, but show no population dynamics.
An exponential power distribution is used as the dispersal function
that produces a number of distributions by alternating one of the
parameters; as a consequence predators become more or less mobile.
Moreover, the model assumes that the time the predators stay in a
single cell can be dependent (aggregating) or independent (nonaggregating) of pest densities, which, together with dispersal abilities,
yields four theoretical species of predators in total for their analysis.
They simulated the pest suppression over 1000 landscapes that varied
in the arrangement of predator and pest cells and showed that the
highly aggregating, mobile predators have highest pest suppression
rates. Furthermore, landscapes with shortest distances between
predator and prey cells show highest pest suppression. Their ﬁndings
have implications for integrated pest management strategies that
should aim at larger than one-ﬁeld scales and should deﬁne distance
of habitats to crops and ecological function of off-crop habitats, e.g. if it
is a source of or sink for biocontrol agents. Finally, knowledge on
biological traits of pests and natural predators will facilitate predictions about the areas prone to pest attacks and estimates of
successful control by regionally present predators.
A more biologically detailed system was modeled by Visser et al.
(2009) who developed a spatially explicit simulation model for a pest,
the rape pollen beetle, and its parasitoid to investigate the role of offcrop habitat, including the amount, fragmentation and isolation, for
parasitoid persistence. Both species can reside in a single habitat cell
where the processes of reproduction, mortality and parasitation occur.
Pest population dynamics is modeled via the Ricker function, with a
yearly time step, and only females are modeled for both species. The
distribution of parasitoid eggs is random and limited by individual
fecundity. Both species are univoltine and die if they disperse to noncrop habitat or when parasitized. Parasitoid persistence was highest at
intermediate isolation levels, but the parasitation rate was negatively
correlated with isolation and fragmentation. This has clear landscape
management implications for cases where natural habitat is scarce,
in that either persistence of parasitoids or parasitation rate can be
optimized, but not both simultaneously.
Another example of a simple, unstructured population model in a
spatially explicit setting was developed by Bianchi et al. (2007) where
the interaction between host plants, aphids as pests and ladybeetles as
natural predators was investigated. The authors explored whether the
historical changes in land use in the Czech Republic had any effects on
decreasing populations of ladybeetles. Modeled landscape consisted of
habitat maps with various crop species in which pests would realize
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their population dynamics. Aphid population growth was modeled
with a logistic growth function, and the only population loss term was
mortality that was dependent on the number of ladybeetles in one
habitat cell. The ladybeetle population was composed of seven stages,
consisting of egg, four larval, pupal and adult stages. Each stage had
stage-speciﬁc parameters for different processes, such as developmental and mortality rates, search rates and handling times, etc. The
foraging activities of ladybeetles were governed by their energetic
status, and the predation rate was described by a Holling type 2
functional response. Simulation results suggest that the steep decline
in ladybeetle populations can indeed be explained by the decrease in
aphid abundance due to agricultural de-intensiﬁcation and lower
fertilizer input. Ladybeetles seem to be following intensively cultured
crops that harbor highest aphid densities. Once the aphids become less
available, ladybeetles will become more dependent on off-crop habitat
to meet their energetic needs, making the conservation of this type of
habitat pivotal in sustaining their populations. Even though the service
of aphid biocontrol might not always be necessary, ensuring high
ladybeetle abundances provides insurance that, when necessary,
aphid populations can be controlled.
Natural predator populations can also be modeled in a very detailed
way: Thorbek and Topping (2005) developed a spatially explicit,
individual-based model of a linyphiid spider, a typical predator in
agroecosystems, to investigate the impact of landscape diversity and
heterogeneity on the persistence of local populations. In this model,
linyphiid spider individuals go through an egg, juvenile and adult phase.
In different phases, they experience certain probabilities of development, dying, dispersing and reproducing, where each individual is
unique and based on a number of given variables. Landscape was
modeled according to a real Danish, intensely cultivated landscape with
various crop and off-crop vegetation types. The authors show that the
diversity of habitat types, especially presence of refugia from pesticide
exposure with higher abundance of prey species, greatly inﬂuences the
persistence of these predators, but that actual arrangement of these
habitat types matters less, due to the species' high dispersal abilities.
Implications for management here include ensuring diverse crop
rotation or leaving greater parts of the habitat unmanaged.
The modeling studies we described for the services of pollination
and biocontrol need to consider spatial relationships, as the organisms
that deliver the service depend on off-crop habitats that are spatially
segregated from the location where the service is provided (the crop).
To ensure delivery of both services, the amount of natural habitat, its
geometry, quality and distance to crops are important aspects of
management. Spatially explicit models, either more theoretical in
nature or more region-speciﬁc, allow testing of the impacts of these
aspects in various landscape management scenarios and possible
trade-offs that may result. The necessary levels of biological detail and
resolution will be dependent on the research question or protection
goal relevant for the study.

2.1.3. Water quality
Good water quality in natural aquatic ecosystems provides multiple
services, from good potable quality for local communities, making it a
provisioning service, to ensuring certain levels of biological diversity
and community structure that has esthetic and recreational value, e.g.
for sport ﬁshing. Also, more indirectly, good water quality supports the
functioning and stability of aquatic communities and food webs that can
play a role as nursery habitat or gene pool protection, making water and
its aquatic communities also a supporting service. The multiple
purposes of well-functioning water bodies are utilized by various
beneﬁciaries, from local communities depending on the water source, to
sports ﬁshermen and tourists in the area. At the same time, aquatic
ecosystems are under intense pressure from human activities and are
considered to be among the most globally threatened ecosystems
(Dudgeon, 2010).
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Due to the wide variety of services that aquatic systems provide, it
is impossible to cover them all in this paper. Therefore, we focus only
on the eutrophication consequences in shallow lakes. Typically,
shallow lakes, with a maximum depth of several meters, exist in two
alternative stable states, a macrophyte dominated, clear water state, or
a phytoplankton dominated turbid state. Excess nutrient loading, both
phosphorus and nitrogen, can push the lake from a macrophyte to
phytoplankton dominated state (Scheffer et al., 1993). It is considered
that a turbid state has a lower value because the macrophyte
community with its ﬁsh assemblages disappear, hereby decreasing
overall biodiversity. The recovery of a lake after such a switch is not
straightforward, as just reducing the nutrient loads is not sufﬁcient,
and frequently biomanipulation is necessary. This, however, also
depends on lake size and climatic region (Jeppesen et al., 2007). The
development of the PCLake model (Janse, 1997; Janse et al., 2010) was
inspired by agricultural intensiﬁcation in Dutch lakes and the related
effects that excessive nutrient loads had on the quality of lake systems,
such as algal blooms. This complex ecosystem model takes into
account nutrient and biota dynamics in a shallow lake. Essentially, it is
a set of ordinary differential equations in which the biota are modeled
as functional groups, a common practice for such complex systems. It
was created to estimate the probabilities of shifting into an alternative
stable state based on the observed nutrient loads, on the composition
of the lake's communities and on management practices, in order to
identify feedback mechanisms that hamper or enhance these
transitions. The model has been extensively analyzed and parameterized in a number of lakes, and it was implemented for various questions related to water quality management (see Mooij et al. (2010) for
examples and references). Mooij et al. (2010) provide a review of the
history and current uses of various lake ecosystem models developed
for different management purposes.
Consequences of systems shifting to alternative states are farreaching and long-term and thus deserve to be taken into account
when assessing risks to the environment. The alternative stable states
have been an interesting topic from a purely theoretical point of view,
but with very strong implications for management, corroborated by
the suite of lake models calibrated to various climatic conditions. If a
lake ecosystem shifts to an undesired state due to agricultural
intensiﬁcation and increased nutrient load, ecological lake models
can quantify various restoration activities, such as necessary reduction
in nutrient loads or the extent of needed biomanipulation agents in
order to recover the system quality. Biomanipulation usually includes
drastic reduction of the ﬁsh stocks that, through trophic cascades,
results in the re-establishment of the macrophyte dominated community. Such biomanipulation experiments have been implemented
worldwide with differing success (Mehner et al., 2002) depending on
the lake type, depth, complexity of the lake food web and various
feedback mechanisms.

their study, land use and land cover are the basis for ecosystem
services, biodiversity conservation and commodity production. Biodiversity conservation is based on the species-area relationship (SAR)
and marginal biodiversity value (MBV), the latter a more relative
metric measuring the value of habitat in the area in relation to the
habitat available for all species in the whole landscape.
Nalle et al. (2004) developed a simpler spatially explicit model for
ﬁnding cost-effective strategies in timber production and endangered
species conservation in a forested landscape. The ecological model
here is based on the PATCH model (Schumaker et al., 2004) and
consists of a matrix model for the great horned owl, Bubo virginianus,
and the great porcupine, Erethizon dorsatum that includes life-history
parameters such as survival and reproduction rates. Dispersal of
individuals is modeled with maximum dispersal distances in a
stochastic search procedure. The habitat preferences include data on
the suitability of each land management unit as a function of
vegetation cover and other landscape characteristics. The economic
model calculates the current market value of timber harvesting,
whereas the timber harvest is modeled through another modeling
package that takes into account harvesting site quality and lists of
trees no younger than 15 years of age. The authors demonstrate how
the combined models can be implemented in a case study focusing on
a part of the Willamette River Basin in Oregon. The whole study was
envisaged as an example of how to link ecology and economics in a
natural resources rich area where conﬂicts between exploitation and
conservation could occur.
The choice of presented modeling studies reﬂects the diversity of
applied ecological models related to risk assessment of different
ecosystem services potentially affected by agricultural practices. Some
of the presented studies are developed for risk management, rather
than risk assessment. However, ecological models can be used both
ways, to scientiﬁcally underpin ecological risk assessment as well as
facilitate informed management decisions. For both ﬁelds, testing of
different scenarios, possibility to ask if-then questions and to explore
their consequences can be very informative. It was shown that
ecological models can capture population dynamics in a very simple,
unstructured way, but also that population models can include a lot of
biological detail and span over various spatial scales. Depending on the
service, explicit consideration of space can be of lower or higher
relevance. For instance, both pollination and biocontrol are delivered
by organisms that are dependent on other habitats than the one where
the service is provided. Thus, the need to take into account landscape
composition and structure is reﬂected in the choice of models. On the
other hand, explicit space might not be as relevant in well mixed
systems, such as shallow lakes, where interactions between nutrients
and various functional groups are more important in determining the
dynamics of and changes in the system.
3. Challenges and outlook

2.1.4. Trade-off analysis
Ecosystem service trade-offs take place when one service is valued
over another, and when the delivery of one service reduces the
delivery of another service. Agricultural activities that deliver provisioning services, such as food and fuel, have historically been favored
over services such as biodiversity and water quality, whereas
supporting services (such as nutrient cycling or soil formation and
quality) have been neglected (Rodriguez et al., 2006). The analysis of
land-use change and its impacts on ecosystem services supports the
development of various integrative modeling approaches (de Groot
et al., 2010). For instance, Nelson et al. (2009) developed a model that
takes into account ecosystem services, biodiversity conservation and
trade-offs at landscape scales, especially in land use decision making.
InVEST (Integrated Valuation of Ecosystem Services and Tools) can be
applied to various systems, and the authors offer a case study of the
Willamette basin in Oregon, US. They combine an ecological valuation
of various services in the area with an economic valuation method. In

The ecosystem services framework offers a novel way to approach
and conduct conservation of our ecosystems. It also provides an
effective means for operationalising general legislative protection
goals into targets that can be quantitatively assessed. Ecosystem
services are, per deﬁnition, important for humans and deserve to be
protected, or their loss has to be thoroughly weighed against the gain
of the human activity that may cause such a loss. If ecosystem services
that are affected directly or indirectly by agricultural practices can be
identiﬁed, their well-being or swift recovery could be a meaningful
protection goal for ecological risk assessment. It might not be
straightforward to deﬁne all relevant aspects of a protection goal,
such as temporal and spatial scales for the provision of the given
service, but at least the aim of protection should be based on more than
just results of toxicity tests performed with species that can be easily
cultured in laboratories. There is a big discrepancy between measurement endpoints and protection goals since most ecosystem services
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are performed by distinct units of ecosystems, i.e. populations or
communities, while most tests mandated by the relevant legislation
and supporting documentation, e.g. Technical Guidance Documents,
focus on organism-level effects of a few standard species. Ecological
models are powerful tools that can link the measurement endpoints
with relevant protection goals. With clearly deﬁned goals, ecological
models can help to investigate impacts on various ecosystem
components, such as service providing units, also incorporating
extended temporal and spatial scales if necessary. Their characteristic
advantage, over empirical approaches, is their extrapolative power.
They are highly useful for extrapolation across levels of biological
organization (e.g. from individual-level effects of toxicants, to
population level consequences), and across spatial and temporal
scales (e.g., for estimating recovery or accounting for spatio-temporal
variability in exposure). They are also useful for the analysis of indirect
effects and bioaccumulation, both within and across trophic levels
(Munns, 2006; Forbes et al., 2008; Galic et al., 2010; Hommen et al.,
2010).
Still, challenges remain for the ecosystem service concept itself and
for model development. Firstly, the valuation of ecosystem services is
not yet fully developed nor globally accepted (Armsworth and
Roughgarden, 2003; Boyd, 2007; Boyd and Banzhaf, 2007; Wallace,
2007; Wallace, 2008). Furthermore, some services may not have been
identiﬁed yet, and multiple interactions, feedbacks and outcomes in
various service combinations have not received much attention
(Bennett et al., 2009). Norgaard (2010) argues that a more comprehensive restructuring of relevant governing and economic institutions
is necessary to accomplish the full potential of the proposed framework; otherwise we will not move fast enough in the right direction of
sustainability.
Secondly, knowledge on the structure and functioning of agroecosystems is still limited, despite the wealth of published information. A
lot of the observations and experiments published in the literature are
very context speciﬁc, and not many have dared to make generalizations on ecosystem structure and functioning. The structure and
functioning of ecosystems, and effects of various drivers on them, may
very well be context speciﬁc to a certain extent and therefore difﬁcult
to capture in general ecological models. This is especially true when
“real” ecosystems are modeled to evaluate the effects of certain drivers
in speciﬁc ecosystem case studies. From a review of the literature,
Daam and Van den Brink (2010) concluded that the sensitivity of
tropical aquatic ecosystems does not seem to be very different from
temperate ones, but that recovery patterns and indirect effects can be
expected to be very different between climate regions. This means that
it should be very clear from the start which speciﬁc service in which
ecosystem is being captured by the model. Model outputs cannot be
easily transferred between contexts, but rather a thorough reconsideration of model assumptions, structure, and parameterization is
necessary if a model is applied in a context outside of its intended
purpose (e.g., for a different climatic region, for the assessment of new
protection goals, etc.).
Thirdly, the required level of complexity of ecological models
remains an issue. Decisions on what exactly to quantify and with how
much biological detail can be hard to make when a speciﬁc service is
delivered by many providing units. To perform an ecologically relevant
risk assessment, a lot of ecological detail is necessary. However,
simulating the natural world is neither realistic nor desired. Finding
the right balance between model complexity and ecological realism/
relevance remains a crucial challenge and requires precise deﬁnition of
protection goals which is achievable only through broad stakeholder
dialogue combined with collaboration between ecologist and economists. Furthermore, modeling service provision adds another dimension of extrapolation and complexity, especially when a given service
is provided by multiple providers. While in ERA extrapolation of effects
from the individual to the level of a population could be sufﬁciently
informative, focusing on service provision means that the spatio-
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temporal dynamics of service providers has to be taken into account as
well as possible interactions with populations of other species.
Moreover, the general deﬁnitions of ecosystem services make
quantiﬁcation very difﬁcult. It might be necessary to break down
general services into more manageable units, for instance, instead of
the service of biocontrol we might look into suppression of aphids in
cereals in a given climatic region. For many services, including
biocontrol and pollination, explicit consideration of space is essential
and is expected to result in the increased development of spatially
realistic population models. Again, the right balance between the
amount of spatial and biological detail will have to be found.
Finally, the execution and implementation of some applied
modeling studies has not always been successful (Pilkey and PilkeyJarvis, 2007), possibly due to too much reliance on the predictive
power of models (Hall, 1988), lack of transparency and bad judgment
in model assumptions or parameter choice (Comiskey et al., 2004;
Gross, 2005; Patterson and Murray, 2008). Accordingly, there is a need
for much more transparency, especially in ecological models used for
decision making. In the ﬁeld of pesticide risk assessment, steps are
currently being taken to standardize approaches and reduce skepticism around the development, use and results obtained from modeling
studies developed for the purpose of pesticide registration (Schmolke
et al., 2010b; Schmolke et al., 2010a). Consequently, acceptance of
ecological models for ERA and decision making is expected to grow in
regulatory spheres. For example, pesticide risk assessment is currently
taking signiﬁcant steps toward developing and promoting the use of
ecological models for the purposes of product registration (Forbes
et al., 2009; Grimm et al., 2009; Thorbek et al., 2009).
In spite of many challenges, the link between measurement
endpoints and services as protection goals is feasible only with the
help of ecological models. We do not propose abandonment of empirical
approaches, indeed, the two are complementary. Necessary parameters
can only be extracted from ﬁeld or experimental data, and the outputs of
ecological models, especially those used in decision making, need to be
tested against independent datasets to show that they are indeed
recreating a part of the system of interest. Only then can they be fully
trusted and used for comparing alternative management scenarios.
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